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Abstract

Oxygen availability is decreasing in many lakes and reservoirs worldwide, raising the urgency
for understanding how anoxia (low oxygen) affects coupled biogeochemical cycling, which has
major implications for water quality, food webs, and ecosystem functioning. Although the
increasing magnitude and prevalence of anoxia has been documented in freshwaters globally, the
challenges of disentangling oxygen and temperature responses have hindered assessment of

the effects of anoxia on carbon, nitrogen, and phosphorus concentrations, stoichiometry
(chemical ratios), and retention in freshwaters. The consequences of anoxia are likely severe and
may be irreversible, necessitating ecosystem-scale experimental investigation of decreasing
freshwater oxygen availability. To address this gap, we devised and conducted REDOX (the
Reservoir Ecosystem Dynamic Oxygenation eXperiment), an unprecedented, seven-year
experiment in which we manipulated and modeled bottom-water (hypolimnetic) oxygen
availability at the whole-ecosystem scale in a eutrophic reservoir. Seven years of data reveal that
anoxia significantly increased hypolimnetic carbon, nitrogen, and phosphorus concentrations and
altered elemental stoichiometry by factors of 2-6x relative to oxic periods. Importantly,
prolonged summer anoxia increased nitrogen export from the reservoir by more than seven-fold,
decreased phosphorus retention, and changed the reservoir from a net sink to a net source of
organic carbon downstream. While low oxygen in freshwaters is thought of as a response to land

use and climate change, results from REDOX demonstrate that low oxygen is itself a driver of
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major changes to freshwater biogeochemical cycling, which may serve as an intensifying
feedback that increases anoxia in downstream waterbodies. Consequently, as climate and land
use further increase the prevalence of anoxia in lakes and reservoirs globally, it is likely that
anoxia will have major effects on freshwater carbon, nitrogen, and phosphorus budgets as well as

water quality and ecosystem functioning.

Keywords: Biogeochemistry, Ecosystem modeling, Hypoxia, Nutrient retention, Oxygen,

REDOX, Reservoir, Stoichiometry, Water quality, Whole-ecosystem experiment

Introduction

Oxygen concentrations in lakes and reservoirs around the world are decreasing, which
has the potential to substantially alter freshwater ecosystem functioning and water quality. As a
result of climate and land use change, low oxygen availability (anoxia) is becoming more
common in the hypolimnion, or bottom waters, of many lakes and reservoirs (Jenny et al. 2016a,
Jane et al. 2021, Woolway et al. 2021). An increase in both the occurrence and duration of
hypolimnetic anoxia in freshwaters is likely to substantially alter the cycles of carbon (C),
nitrogen (N), and phosphorus (P), three fundamental elements that determine freshwater food
web structure, water quality, and ecosystem functioning (Sterner and Elser 2002). In particular,
anoxia could disrupt the critical role of freshwater ecosystems as C, N, and P sinks in global
biogeochemical cycles. Freshwaters retain 72% of the organic C, 56% of the total N, and 56% of
the total P exported from land via sediment burial or release to the atmosphere, preventing these
elements from being transported to downstream freshwater ecosystems or the oceans (Maranger

et al. 2018). Altogether, the consequences of anoxia for C, N, and P concentrations,
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stoichiometry (chemical ratios), and retention in freshwaters are likely severe and may be
irreversible (Niirnberg 1988, Sendergaard et al. 2003, Brothers et al. 2014, North et al. 2014),
necessitating ecosystem-scale investigation of how hypolimnetic anoxia affects freshwaters.
Biogeochemical cycles of dissolved and total C, N, and P will likely respond differently
to hypolimnetic anoxia (Fig. 1). In the bottom waters of lakes and reservoirs, we expect
dissolved organic C (DOC) concentrations to be higher in anoxic than oxic conditions, as DOC is
mineralized much more efficiently by oxygen than by alternate terminal electron acceptors
(Walker and Snodgrass 1986, Beutel 2003). Moreover, anoxia has been shown to stimulate the
release of DOC from sediments to the water column (Fig. 1; Brothers et al. 2014, Peter et al.
2017). DOC generally dominates the total OC (TOC) pool in lakes (Toming et al. 2020), thus we
would expect TOC to exhibit similar responses as DOC to anoxia. For hypolimnetic dissolved
inorganic nitrogen (DIN), ammonium (NH4") concentrations would be expected to be higher in
anoxic conditions due to ammonification and release from sediments (Fig. 1; Rysgaard et al.
1994, Beutel et al. 2006). In contrast, nitrate (NO3) would be lower in anoxic than oxic
conditions, as denitrification decreases NO3™ in the absence of oxygen while nitrification
increases NOs™ in the presence of oxygen (Fig. 1; Sharma and Ahlert 1977, Downes 1987). Total
nitrogen (TN) in the hypolimnion could either increase or decrease in anoxic conditions,
depending on the balance of NH4" vs. NO3~ within the DIN pool, as the inorganic fraction of
hypolimnetic dissolved N is generally greater than the organic fraction (Kim et al. 2006). For
hypolimnetic phosphorus (P), we would expect that dissolved reactive phosphorus (DRP)
concentrations would be higher in anoxic conditions as DRP is released into the water column
during iron reduction and particulate organic matter mineralization (Fig. 1; Bostrom et al. 1988,

Niirnberg 1988, Rydin 2000). Total P (TP) concentrations would likely exhibit a similar but
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Fig. 1. Conceptual diagram of the dominant carbon, nitrogen, and phosphorus cycling
processes (denoted by arrow lines) expected under oxic (top) and anoxic (bottom)
conditions in the water column of a thermally-stratified reservoir. Carbon processes include
cycling of carbon dioxide (CO»), dissolved organic carbon (DOC), methane (CH4), and
particulate organic carbon (POC). Nitrogen processes include cycling of dissolved organic
nitrogen (DON), nitrogen gas (N2), ammonium (NH4"), nitrate (NO3-), and particulate organic
nitrogen (PON). Phosphorus processes include cycling of dissolved organic phosphorus (DOP),
dissolved reactive phosphorus (DRP), and particulate organic phosphorus (POP).
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more muted response to anoxia than DRP, as DRP is usually a small fraction of the TP pool
(Wetzel 2001).

While these different C, N, and P processes have been well-studied individually, there
have been no studies on the net effect of anoxia on all of these cycles operating concurrently at
the ecosystem scale, likely due to the challenges of disentangling complex coupled
biogeochemical cycling with observational field studies or laboratory experiments. Explicitly
considering interconnected elemental cycles and their stoichiometry is essential to understanding
the effects of anoxia on ecosystem functioning (sensu Sterner and Elser 2002).

Increases in hypolimnetic anoxia have substantial implications for the fate of C, N, and P
in freshwater ecosystems. There are two primary fates for C, N, and P entering into a waterbody:
retention - by either remaining in the water column, burial in the sediments, or emission to the
atmosphere (for C and N only) - or export downstream (Tranvik et al. 2009, Beaulieu et al. 2014,
Powers et al. 2015, Maranger et al. 2018). Anoxia may decrease the ability of lakes and
reservoirs to retain NH4" and DRP by reducing their burial in sediments (Rysgaard et al. 1994,
North et al. 2014, Powers et al. 2015), thereby increasing their downstream export. Conversely,
anoxia could increase the retention of NO3™ by increasing its emission to the atmosphere via
denitrification (Beaulieu et al. 2014). For C, the ecosystem-scale effects of anoxia are likely
complex. The TOC pool includes dissolved and particulate fractions of OC that may respond to
oxygen differently and are mediated by ambient environmental conditions, such as external
loading, temperature, nutrients, and light (Hanson et al. 2015). For example, anoxia could
increase the retention of particulate OC (POC) by decreasing its mineralization, thereby
potentially increasing its burial in sediments (Walker and Snodgrass 1986, Beutel 2003).

Simultaneously, anoxia could decrease the retention of DOC by stimulating fluxes of DOC from
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the sediments into the water column (e.g., by reductive dissolution of iron-bound DOC
complexes; Skoog and Arias-Esquivel 2009), thereby potentially decreasing burial in sediments
(Brothers et al. 2014, Peter et al. 2017), and increasing DOC export downstream. Consequently,
quantifying the effect of anoxia on C, N, and P retention vs. export (and thus determining if a
waterbody is a sink or source of C, N, and P downstream) is needed to improve our
understanding of the changing role of lakes and reservoirs in global biogeochemical cycles.

In particular, human-made reservoirs, which retain substantially more inflowing C, N,
and P per unit area than naturally-formed lakes globally via either sediment burial or emissions
to the atmosphere (Harrison et al. 2009, Powers et al. 2016, Maranger et al. 2018), may be very
sensitive to the effects of hypolimnetic anoxia. Despite only covering 6-11% of the global lentic
surface (Downing et al. 2006, Lehner et al. 2011, Verpoorter et al. 2014), reservoirs alone are
estimated to account for ~40% of total annual global OC burial (Mendonga et al. 2017) and 26%
of total annual global P burial (Maranger et al. 2018). Moreover, reservoirs globally emit 6.5 Tg
N yr! to the atmosphere, primarily via denitrification (Harrison et al. 2009, Beusen et al. 2016).
In an analysis of ~1000 lakes and reservoirs sampled once across the U.S., reservoirs were found
to have lower organic C:P and N:P ratios than naturally-formed lakes, which was attributed in
part to a greater incidence of hypolimnetic anoxia in reservoirs than naturally-formed lakes
(Maranger et al. 2018). However, that study lacked accompanying oxygen data to examine how
C, N, and P varied across a gradient of oxygen availability. Moreover, the amalgamation of data
from waterbodies with different climate and catchment land use makes it challenging to quantify
how changing oxygen alters water column C, N, and P concentrations, stoichiometry, and export.
To mechanistically quantify the effects of anoxia on C, N, and P cycling, we need new

approaches that embrace the dynamical nature of reservoirs over time and allow us to disentangle
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the effects of hypolimnetic anoxia on these waterbodies, especially as their construction is
increasing globally (Zarfl et al. 2015).

Coupled whole-ecosystem manipulations and ecosystem modeling provide a powerful
approach for both quantifying the effects of hypolimnetic anoxia on C, N, and P cycling and
testing the mechanisms underlying continental-scale patterns derived from thousands of
waterbodies (e.g., Helton et al. 2015, Maranger et al. 2018). Foundational work based on
sediment core incubations in the laboratory and small chambers placed in situ on the sediments
of lakes and reservoirs (e.g., Frindte et al. 2015, Lau et al. 2016) have yet to be tested at the
ecosystem scale, which is needed to overcome the limitations of small volumes of water and
mesocosm fouling. Studies that manipulate an entire ecosystem are able to disentangle the effects
of oxygen availability from other environmental drivers, such as water temperature and
biological activity, on C, N, and P cycling. However, it is logistically challenging to replicate
these intensive experiments under different meteorological and environmental conditions over
time to assess robustness and repeatability of ecosystem responses. Consequently, data from
whole-ecosystem manipulations can be used to calibrate ecosystem models (following Medlyn et
al. 2015) that can simulate complex ecosystem responses under a range of oxygen scenarios and
weather conditions over multiple years, thereby overcoming the constraints of separate empirical
and model investigations.

We devised and conducted REDOX (the Reservoir Ecosystem Dynamic Oxygenation
eXperiment), an unprecedented, seven-year study that integrated a long-term hypolimnetic
oxygenation manipulation with ecosystem modeling in a eutrophic reservoir. The purpose of
REDOX was to study ecosystem-scale functioning under contrasting oxygen conditions over

multiple years. First, we intensively monitored dissolved oxygen and total and dissolved C, N,
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and P chemistry, as well as a suite of accompanying water quality variables, in the reservoir
during the seven-year field manipulation. Second, we used the empirical data to calibrate a
coupled hydrodynamic-ecosystem model, which was used to quantify the effects of varying
oxygen conditions over the seven years. To investigate further changes in reservoir C, N, and P
and carbon cycling due to anoxia, we used the calibrated model to test hypolimnetic oxygen
scenarios under a range of seasonal and meteorological conditions. We focused on two
contrasting model scenarios: one in which there was oxygenation throughout the stratified
summer periods in all seven years, resulting in continuous oxic conditions, and one in which
there was no oxygenation, resulting in hypolimnetic anoxia every summer. We used the model
output to address the following questions: 1) How does hypolimnetic oxygen availability affect
total and dissolved C, N, and P concentrations and stoichiometry?, and 2) How does

hypolimnetic anoxia affect reservoir retention and downstream export of C, N, and P?

Materials and Methods
Site description

We studied the effect of changing oxygen conditions on C, N, and P dynamics in Falling
Creek Reservoir (FCR), a small eutrophic reservoir located in Vinton, Virginia, USA
(37.303479,-79.837371; Fig. 2). FCR has a maximum depth of 9.3 m and surface area of 0.119
km? and is a drinking water source operated by the Western Virginia Water Authority (WVWA;
Gerling et al. 2014). FCR's watershed was farmland at the time of reservoir construction in 1898
and is almost completely deciduous forest today following agricultural abandonment in the
1930s (Gerling et al. 2016). The reservoir has never been dredged (Gerling et al. 2016), and had

a mean hydraulic residence time of 281 days (£12 days, 1 S.E.) during our study.
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Fig. 2. Map of Falling Creek Reservoir, Vinton, VA, USA (37.303479, -79.837371). The map
shows the reservoir watershed, locations of the two inflow streams (Falling Creek and Tunnel
Branch), dam, hypolimnetic oxygenation (HOXx) system, and monitoring site near the dam.
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Whole-ecosystem manipulations

We manipulated hypolimnetic oxygen availability in FCR using an engineered
hypolimnetic oxygenation system (HOx) deployed by the WVWA in 2012, which allowed us to
generate contrasting summer oxic and anoxic conditions (Gerling et al. 2014). The HOx system
withdraws hypolimnetic water from 8 m depth, injects dissolved oxygen into the water at super-
saturated concentrations onshore, and returns the oxygenated water back to the hypolimnion at 8
m without altering thermal stratification or water temperature (Gerling et al. 2014).

During summers in 2013-2019, the HOx system was operated at variable oxygen addition
levels and durations in collaboration with the WVWA (Carey et al. 2021d). Some summers
experienced intermittent 2—4 week periods of oxygenation (2013, 2014, 2019); some summers
had near-continuous oxygenation (2015, 2016, 2017), and one summer had approximately half
oxygenation (2018; Carey et al. 2021d). These wide-ranging oxygenation conditions, which
occurred because the reservoir was an actively-managed drinking water source, provided
an ideal dataset for calibrating the biogeochemical rates in the ecosystem model to variable

hypolimnetic oxygen conditions, as described below.

Monitoring data

FCR’s physics, chemistry, and biology were intensively monitored throughout the
REDOX manipulations (see Supplementary Text 1 for detailed sampling methods). On every
sampling day, depth profiles of water temperature and dissolved oxygen were collected at the
deepest site of the reservoir, near the dam (Carey et al. 2021b). We collected water samples for
total and dissolved C, N, and P analysis from the reservoir's water treatment extraction depths

(0.1, 1.6, 2.8, 3.8, 5.0, 6.2, 8.0, and 9.0 m) using a Van Dorn sampler. Water was filtered through

11
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glass-fiber 0.7 micron filters into acid-washed bottles and immediately frozen until analysis for
dissolved C, N, and P samples (Carey et al. 2021e). Unfiltered water was frozen in separate acid-
washed bottles for total samples (Carey et al. 2021e).

We used standard methods for biogeochemical analyses (see Supplementary Text 2 for
detailed laboratory methods). We used flow injection analysis to determine concentrations of N
and P colorimetrically (APHA 2017), with an alkaline persulfate digestion for TN and TP
fractions. DOC and TOC were determined by either heated persulfate digestion or high-
temperature combustion followed by infrared absorbance (APHA 2017). All field and laboratory
data are available with metadata in the Environmental Data Initiative (EDI) repository (Carey et
al. 2019, Carey et al. 2020, Carey et al. 2021a, Carey et al. 2021b, Carey et al. 2021e, Carey et

al. 2021).

Model description and driver data

We used the empirical data to calibrate and validate the General Lake Model coupled to
Aquatic EcoDynamics modules (GLM-AED, v.3.2.0a3) configured for FCR (see Supplementary
Text 3 for detailed modeling methods). GLM-AED is an open-source, 1-D numerical simulation
model that is widely used in the freshwater research community to model lakes and reservoirs
(e.g., Bruce et al. 2018, Hipsey et al. 2019, Farrell et al. 2020, Ward et al. 2020). GLM-AED
requires meteorological, inflow, and outflow driver data and simulates water balance and thermal
layers using a Lagrangian strategy (Hipsey et al. 2019). GLM-AED has a flexible structure in
which modules representing different ecosystem components can be turned on or off to recreate
varying levels of ecosystem complexity; our configuration for FCR included modules for

oxygen, C, silica (Si), N, P, organic matter, and phytoplankton (Carey et al. 2021c).
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GLM-AED simulates the dominant processes controlling freshwater oxygen and C, N,
and P cycling (see Supplementary Text 3; Farrell et al. 2020, Ward et al. 2020). Biogeochemical
processes (e.g., sediment fluxes, mineralization) were modeled as a function of both oxygen
following Michaelis-Menten dynamics and temperature following Arrhenius coefficients (Farrell
et al. 2020). Consequently, processes that are favored in anoxic conditions (e.g., sediment fluxes
of DOC, NH4*, and DRP into the hypolimnion) were still simulated in oxic conditions, but at
much lower rates.

The ecosystem model provided important insight on the effects of anoxia that would have
been impossible to obtain from the field manipulation alone. First, while we do report on the
biogeochemical responses to the field manipulation, ecosystems rarely experience such rapid
shifting of redox conditions at sub-seasonal scales, as were created by abrupt additions of oxygen
via the HOx system. Thus, to understand how our FCR results applied to other waterbodies, we
used the seven-year field manipulation as a proxy to contrast the consequences of seasonally-
oxic vs. anoxic hypolimnia for biogeochemical cycling in an ecosystem model. These highly
contrasting scenarios were achieved in the model by manipulating hypolimnetic oxygen injection
(described below). Second, to determine the cumulative fate of C, N, and P over an entire
summer in response to oxygen dynamics, it is important to track these elements at a high
temporal resolution. Because our field data were collected weekly to monthly, we used
numerical modeling of hydrodynamics and ecosystem processes to capture daily dynamics.
Third, the field manipulation included a variable oxygenation schedule which occurred against a
backdrop of changing meteorology and hydrology. Consequently, the model enabled us to isolate
the effects of oxygen availability on the reservoir's biogeochemistry and evaluate the robustness

of ecosystem responses across varying environmental conditions.
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Model configuration and calibration

All GLM-AED model configuration files, parameters, and driver data for FCR are
available in the EDI repository (Carey et al. 2021¢). GLM-AED driver data included hourly
meteorological data from NASA's North American Land Data Assimilation System (NLDAS-2;
Xia et al. 2012), stream inflow data, and outflow data. We developed stream inflow driver
datasets - which consisted of daily discharge, water temperature, and chemistry - for the two
primary streams entering FCR from observational data (Supplementary Text 3). To simulate the
HOx system in the model, we added a submerged inflow that injected oxygenated water into the
reservoir at 8 m, the same depth as in the reservoir (Supplementary Text 3). As the reservoir was
managed to keep constant water level, outflow volume was set to equal inflow volume; the
physical and chemical properties of the outflow were determined by the state of the modeled
reservoir (Supplementary Text 3).

We ran the model from 15 May 2013 to 31 December 2019, divided into calibration (15
May 2013-31 December 2018) and validation (1 January 2019-31 December 2019) periods for
model verification. GLM-AED was run on an hourly time step throughout the total simulation
period (Carey et al. 2021c).

We calibrated GLM-AED to observed conditions (Supplementary Text 3). First, we
conducted a global sensitivity analysis to identify the most important parameters for simulating
water temperature, dissolved oxygen, NH4", NO3-, DRP, and DOC following (Morris 1991).
Second, we calibrated the identified sensitive parameters (Supplementary Text 3) using the
covariance matrix adaptation evolution strategy for automated numerical optimization to
minimize root mean square error (RMSE) between observations and model output (Hansen

2016) for all sampling depths in the water column.
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We calculated multiple goodness-of-fit metrics to assess the model’s performance during
the calibration period, validation period, and total simulation period, including RMSE, percent
bias, Nash-Sutcliffe (NSE), normalized mean absolute error (NMAE), and Pearson’s correlation
coefficient (Kara et al. 2012, Ward et al. 2020, Ladwig et al. 2021). We focus on hypolimnetic
concentrations below but present model output and goodness-of-fit metrics for the full water

column in Supplementary Text 4.

Model scenarios

Following model calibration, we examined the effects of two different oxygen scenarios
on the calibrated GLM-AED model: one in which the model was forced with a high level of
oxygenation to keep the hypolimnion oxic throughout summer thermal stratification (May 15-
Oct 15) during 2013-2019 and one in which zero oxygen was added to the hypolimnion, so
hypolimnetic anoxia quickly set up after the onset of thermal stratification each summer. All

other driver data (meteorology, stream inflows, outflow) were held constant.

Statistical analysis

We used several approaches to answer the two research questions. For Q1, we first
compared observed data from the oxygenated vs. non-oxygenated periods of our field
manipulation to determine if oxygenation had an effect on empirical total and dissolved C, N,
and P concentrations. We also used the FCR field data to validate the model’s ability to simulate
the field manipulation. Second, because our goal was to compare completely oxic vs. completely
anoxic summers and every summer had at least some oxygenation during the seven-year field

manipulation, we focused our subsequent analyses on the anoxic vs. oxic model scenario output,
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not the observational data. Focusing on the model output for this analysis also enabled us to
overcome the limitations of comparing years with different numbers of sampling observations, as
the model calculated daily C, N, and P concentrations and rates.

We compared hypolimnetic C, N, and P concentrations and rates between the oxic and
anoxic model scenarios during 15 July - 1 October among years, the interval within the summer
thermally-stratified period when the reservoir consistently exhibited hypolimnetic anoxia in non-
oxygenated conditions. We calculated the median hypolimnetic dissolved and total
concentrations of C, N, and P during this period for each of the seven years (2013-2019), and
compared the median summer anoxic and oxic concentrations and their ratios using paired t-
tests, as there was no temporal autocorrelation among median summer values. We also examined
summer rates of all processes controlling increases and decreases in hypolimnetic C, N, and P to
determine their relative importance and sensitivity to oxygen.

For Q2, we estimated C, N, and P downstream export as a percent of inputs into the
reservoir each summer (Powers et al. 2015, Farrell et al. 2020). Downstream export was
calculated as:

Flux = 100% X (X Outputs — X Inputs)/ X Inputs) (eqn. 1)

where Outputs and Inputs represent the daily mass of C, N, or P leaving and entering the
reservoir, respectively, during 15 July - 1 October each year. Fluxes were calculated for both
dissolved and total fractions of C, N, and P. Inputs were calculated by multiplying the individual
stream daily inflow concentrations with their daily inflow volumes and then summing across the
two streams. Outputs were calculated by multiplying the outflow water volume (leaving the
reservoir and going downstream) by hypolimnetic concentrations. Inputs and Outputs were

summed across the 15 July - 1 October period to calculate flux, so that flux values of 0 indicated
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that the reservoir inputs balanced outputs; flux values <0 indicated that the reservoir was a net
sink of C, N, or P; and flux values >0 indicated that the reservoir was a net source of C, N, or P
downstream. We compared summer retention (i.e., flux values) in the anoxic and oxic scenarios
with paired t-tests. To ease comparison among C, N, and P concentrations and ratios, all analyses
were conducted using molar units. All modeling analyses were conducted in R v.3.6.3 (R Core

Team 2020).

Results

Our integrated whole-ecosystem REDOX field manipulation and modeling demonstrates
that hypolimnetic anoxia significantly alters water column C, N, and P concentrations and
stoichiometry. Importantly, our study also shows that prolonged hypolimnetic anoxia in the
summer decreases the ability of a reservoir to retain C, N, and P, substantially increasing its

downstream export.

Observational data from whole-ecosystem manipulations

Injection of oxygen into the bottom waters of Falling Creek Reservoir (FCR) over seven
years increased the reservoir's observed hypolimnetic oxygen, resulting in substantial changes in
total and dissolved C, N, and P concentrations (Fig. 3). Due to the nature of our oxygenation
manipulation, some years experienced limited oxygenation (e.g., oxygenation was turned on and
off throughout the summer), while some experienced full oxygenation for the duration of the
stratified period (Fig. 3B). During the summers with limited oxygenation (2014, 2018, 2019),
observed hypolimnetic DOC, TN, NH4", TP, and DRP concentrations were higher than in

summers with continuous oxygenation (2015, 2016, and 2017; Fig. 3C,D,E,G,H). Conversely,
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Fig. 3. The model was able to recreate observed reservoir dynamics. Modeled (black line)
and observed (red points) hypolimnetic (9 m) water temperature (A), dissolved oxygen (B),
dissolved organic carbon (DOC; C), total nitrogen (TN; D), ammonium (NH4"; E), nitrate (NO37;
F), total phosphorus (TP; G), and dissolved reactive phosphorus (DRP; H) in Falling Creek
Reservoir. The grey shaded areas in panel B represent the periods and addition rates of oxygen
injection into the hypolimnion from the hypolimnetic oxygenation system (HOx) during the
seven-year field manipulation. Note varying y-axes among panels, and that most of the TP and
DRP observations were below the limit of quantitation in laboratory analysis (0.15 and 0.08
mmol m3, respectively).
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maximum observed hypolimnetic NO3™ concentrations were lower in summers with limited
oxygenation than summers with continuous oxygenation (Fig. 3F). Thermal stratification and
hypolimnetic water temperature in the reservoir were not noticeably affected by oxygenation
(Fig. 3A). Because our goal was to compare completely oxic vs. completely anoxic summer
conditions and every summer had at least some oxygenation during the seven-year field
manipulation, subsequent analyses focused on the anoxic vs. oxic model scenario output,
described below.

The field manipulation data were used to calibrate the ecosystem model, which was able
to reproduce observed C, N, and P concentrations and stoichiometry (Fig. 3). The goodness-of-fit
metrics for water temperature, oxygen, water chemistry concentrations, and stoichiometric ratios
over the 2013-2019 simulation period (Supplementary Text 4) were all within reported ranges
for lake ecosystem numerical simulation models (e.g., Kara et al. 2012, Farrell et al. 2020, Ward
et al. 2020, Ladwig et al. 2021). Similar to field observations, the simulation of oxygen injection
in the model did not substantively alter modeled water temperature (Fig. 3A) or thermocline

depth (Supplementary Text 4).

How does hypolimnetic oxygen availability affect total and dissolved C, N, and P concentrations
and stoichiometry?

Model scenarios show that hypolimnetic anoxia significantly affected all three focal
elemental cycles, but that N was the most sensitive (Figs. 4,5; see Supplementary Text 5 for
statistics). Summer TN molar concentrations in the reservoir were on average 3.3 higher in
anoxic than oxic conditions, relative to a 1.1x increase of TOC and 1.3% increase of TP (Fig.

5A,C,G). The dissolved fractions accounted for most of the changes in total C, N, and P: during
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Fig. 4. Time series of oxic (blue) and anoxic (red) model scenarios in Falling Creek
Reservoir. Model results are shown for hypolimnetic (9 m) water temperature (A), dissolved
oxygen (B), total organic carbon (TOC; C), dissolved organic carbon (DOC; D), total nitrogen
(TN; E), dissolved inorganic nitrogen (DIN, the sum of ammonium and nitrate; F), ammonium
(NH4*; G), nitrate (NO3~; H), total phosphorus (TP; I), and dissolved reactive phosphorus (DRP;
J). In the oxic scenario, oxygen was injected into the hypolimnion throughout the thermally-
stratified period each summer. In the anoxic scenario, no oxygen was added to the hypolimnion,
resulting in prolonged hypolimnetic anoxia each summer. Note varying y-axes among panels.
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Fig. 5. Anoxia significantly altered bottom-water concentrations of carbon, nitrogen, and
phosphorus. Median hypolimnetic (9 m) total organic carbon (TOC; A), dissolved organic
carbon (DOC; B), total nitrogen (TN; C), dissolved inorganic nitrogen (DIN; D), ammonium

(NH4*; E), nitrate (NOs; F), total phosphorus (TP; G), and dissolved reactive phosphorus (DRP;

H) concentrations between anoxic (red) and oxic (blue) scenarios during Falling Creek

Reservoir’s stratified period (July 15 - October 1) for all years of this study. The grey points are

the median values from each of the seven years. The **** denotes that the difference between

the median summer anoxic and oxic scenario concentrations was highly statistically significant

(all paired t-tests p < 0.0001, see Supplementary Text 5 for statistics). Note varying y-axes

among panels.
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anoxic conditions, summer hypolimnetic DOC, NH4*, and DRP concentrations in FCR were on
average 1.1, 6.4, and 2.1x higher, respectively, than in oxic conditions (Fig. 5B,E,H).
Conversely, hypolimnetic NO3™ was much lower in anoxic conditions (usually at or just above 0
mmol m) than oxic conditions, but DIN exhibited an overall increase because of the dominance
of NH4* over NOs™ in the dissolved inorganic N pool (Fig. 5D,F).

The elemental stoichiometry in FCR exhibited rapid and large ecosystem-scale changes
after the onset of anoxia each summer. While total and dissolved fractions of C, N, and P (except
NOz3") significantly increased with anoxia (Figs. 4,5), the different fractions had varying
sensitivities to changing oxygen, resulting in significant changes in C, N, and P ratios (Fig. 6,
Supplementary Text 5). Hypolimnetic TN: TP and DIN:DRP were significantly higher (on
average, by 2.6x and 2.9x, respectively) in anoxic conditions than oxic conditions (Fig. 6G,H).
Because modeled hypolimnetic NO3™ concentrations were at or near zero during anoxic
conditions (Fig. 5F), DOC:NOs" could not be consistently calculated (Fig. 6E). In contrast,
TOC:TN, DOC:DIN, DOC:NH4*, and DOC:DRP were significantly higher (on average, by 2.9%,
5.2x%, 5.6, and 1.9%, respectively) in oxic conditions than anoxic conditions (Fig. 6A,C,D,F).
TOC:TP was the only ratio of those examined that did not show a significant response to anoxia
(Fig. 6B, Supplementary Text 5).

The most important processes driving the biogeochemical responses to anoxia were much
higher fluxes of NH4*, DRP, and DOC from the sediments into the hypolimnion relative to oxic
periods (Fig. 7). During anoxic summer conditions, the median release rates of NH4+" and DRP
from the sediments into the water column were 4.0x and 1.7% higher, respectively, than in oxic
conditions (Fig. 7). During oxic conditions, the sediment release rate of NH4" into the

hypolimnion was 36x greater than the consumption of NH4" by nitrification (Fig. 7), thereby
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Fig. 6. Anoxia significantly affected water column stoichiometry. Total and dissolved molar
ratios of hypolimnetic (9 m) total organic carbon:total nitrogen (TOC:TN; A), TOC:total
phosphorus (TOC:TP; B), dissolved organic carbon:dissolved inorganic nitrogen (DOC:DIN; C),
DOC:ammonium (DOC:NH4"; D), DOC:nitrate (DOC:NOs; E), DOC:dissolved reactive
phosphorus (DOC:DRP; F), TN:TP (G), and DIN:DRP (H) between anoxic (red) and oxic (blue)
scenarios during Falling Creek Reservoir’s stratified period (July 15 - October 1) for all years of
this study. The grey points are the median values from each of the seven years. Because NO3"
concentrations in the anoxic scenario were functionally zero, the ratio of DOC:NOjs" could not be
calculated (hence the X in panel E). The asterisks denote the p-values from paired t-tests
comparing the median summer ratios between anoxic and oxic scenarios: **** p <(0.0001, *** p
<0.001, ** p<0.01, * p<0.05, and ns (not significant) p > 0.05 (see Supplementary Text 5 for
statistics). Note varying y-axes among panels.

23



447

448
449
450
451
452
453
454
455
456
457
458
459
460
461

Carbon

DOC

2.0
Process

. DOC mineralization (labl.)
- DOC mineralization (recalc.)
. POC hydrolysis

. Sediment flux

T T
Anoxic Oxic

Nitrogen
NH; NO;
g ° Process
0 209 . Anammox
. 1.5 1 154
_§ B onra
~ 101 1.04 I DON mineralization (iabl.)
£
s 0.5+ 0.5+ . DON mineralization (recalc.)
E it - 6% - Nitrification
U™ - .0 T cemememes ———
. Sediment flux
-0.51 T T 0I5 ] T T WC Denitrification
Anoxic Oxic Anoxic Oxic
Phosphorus
DRP
0.010 Process
- DOP mineralization (labl.)
0.005 4 . DOP mineralization (recalc.)
. Sediment flux
0.000 T - -
Anoxic Oxic
Scenario

Fig. 7. The rates of the dominant processes altering the biogeochemical cycling of dissolved
carbon, nitrogen, and phosphorus changed in response to anoxia. Comparison of the
dominant biogeochemical processes altering dissolved pools of carbon (dissolved organic
carbon, DOC; top), nitrogen (ammonium, NH4*, and nitrate, NO3™; middle), and phosphorus
(dissolved reactive phosphorus, DRP; bottom) in the hypolimnion of Falling Creek Reservoir
under anoxic vs. oxic model scenarios. Rates shown represent the median contribution of each
process to hypolimnetic concentrations of DOC, NH4", NOs", and DRP during Falling Creek
Reservoir’s summer stratified period (July 15 - October 1) for all years of this study. Positive
rates indicate that the process increased hypolimnetic concentrations; negative rates indicate that
the process decreased hypolimnetic concentrations. Mineralization is shown separately for both
labile (labl.) and recalcitrant (recalc.) dissolved organic pools, and denitrification is partitioned
for the water column (WC Denitrification) and sediment in the NO3™ panel (Sediment flux). Note
the varying y-axes among panels and that some rates are so small that they are not visible in the
figure.
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explaining the hypolimnetic accumulation of NH4" that occurred during oxic conditions (Fig.
4@G). Although median labile dissolved organic N (DON) and P (DOP) mineralization rates were
3.7x and 3.9x times higher in oxic than anoxic conditions, respectively, their contribution to
hypolimnetic N and P budgets was much smaller than NH4" and DRP sediment fluxes. All
biogeochemical rates involving the cycling of NOs~ were much lower than for NH4* overall,
likely because of the much lower concentrations of NO3™ within the DIN pool. For DOC, the
median sediment fluxes increasing DOC in the hypolimnion were 2.1x times higher in anoxic
than oxic conditions. Although labile DOC mineralization rates were 2.0x higher in oxic than
anoxic conditions, sediment flux rates were 18x higher than mineralization rates, resulting in
much greater hypolimnetic accumulation of DOC in anoxic relative to oxic periods (Fig. 7).
The time scales at which C, N, and P concentrations responded to shifts in hypolimnetic
oxygen availability differed as a result of multiple interacting biogeochemical processes (Figs.
4,7). For example, the onset of anoxia resulted in rapid decreases in NO3™ (Fig. 4H), due to
sediment denitrification oxidizing NO3 to Nz (Fig. 7). Similarly, the rapid increases in
hypolimnetic NH4" and DOC concentrations after the onset of anoxia (Fig. 4D,G) were
attributable to the high rates of NH4* and DOC sediment release (Fig. 7). In comparison,
hypolimnetic DRP accumulation in response to anoxia occurred more slowly (Fig. 4J). This
difference in time scale reflects the lower fitted value of the half-saturation constant of modeled
DRP sediment fluxes (6.91 mmol m™) relative to the half-saturation constants of NH4" sediment
fluxes (41.25 mmol m™) and DOC sediment fluxes (93.13 mmol m) (Carey et al. 2021c).
Consequently, oxygen concentrations in the hypolimnion had to decrease to near zero before

anoxia stimulated an increase in DRP sediment fluxes, following Michaelis-Menten dynamics.
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How does hypolimnetic anoxia affect reservoir downstream export of C, N, and P?

Overall, anoxia significantly increased downstream export of C, N, and P from FCR (Fig.
8). During the summer months, if the reservoir's hypolimnion was oxic, FCR served as a sink for
inflowing TOC, TP, DOC, and DRP, decreasing the downstream export of those fractions (Fig.
8A,B,G,H). The reservoir served as a particularly important TP sink during summer oxic
conditions, with 90% of inflowing TP buried in sediments and only 10% of the inflow TP
exported downstream (Fig. 9). The reservoir was still a TP sink during anoxic conditions, but
slightly more inflowing TP was exported downstream (12%). In comparison, only 5% of
inflowing TOC was buried in sediments or removed via emission to the atmosphere in oxic
conditions, resulting in 95% export downstream (Fig. 9). However, in some anoxic summers, the
reservoir became a net source of TOC, DOC, and DRP downstream, meaning that inflowing
TOC, DOC, and DRP - as well as TOC, DOC, and DRP that were previously retained in the
reservoir sediments - were released and transported out of the reservoir (Fig. 8A,B,H).
Consequently, on average, the reservoir exported 109% of inflowing TOC in anoxic conditions
(Fig. 9).

The reservoir was a net source of TN, DIN, and NH4" downstream even in oxic
conditions, but this export significantly increased when the hypolimnion became anoxic in
summer (Fig. 8C,D,E). The only fraction of N that did not exhibit higher downstream export
during anoxic conditions was NOs™ (Fig. 8F). During anoxic conditions, ~100% of inflowing
NOs™ was removed due to sediment denitrification, whereas in oxic conditions, some of this NOj3
was exported downstream along with additional NOs" that originated from nitrified NH4" in the
reservoir (Fig. 7). Overall, the reservoir exported 195% of inflowing TN in summer oxic

conditions and 602% in anoxic conditions (Fig. 9).
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Fig. 8. Anoxia significantly increased the downstream export of total and dissolved
fractions of organic carbon, nitrogen, and phosphorus. Percent downstream export (% flux)
of total organic carbon (TOC; A), dissolved organic carbon (DOC; B), total nitrogen (TN; C),
dissolved inorganic nitrogen (DIN; D), ammonium (NH4"; E), nitrate (NOs; F), total phosphorus
(TP; G), and dissolved reactive phosphorus (DRP; H) inputs into Falling Creek Reservoir for
anoxic (red) and oxic (blue) model scenarios during the stratified period (July 15 - October 1) for
all years of this study. Flux values of 0 (denoted by dashed horizontal lines) indicated that the
reservoir inputs balanced exports; flux values <0 indicated that the reservoir was a net sink of C,
N, or P; and flux values >0 indicated that the reservoir was a net source of C, N, or P
downstream. The grey points are the median values from each of the seven years. The asterisks
denote the p-values from paired t-tests comparing the median summer retention in anoxic and
oxic scenarios: **** p <(0.0001, *** p <0.001, and ** p <0.01 (see Supplementary Text 5 for
statistics). Note varying y-axes among panels.
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Fig. 9. Median summer downstream export of total organic carbon (C), total nitrogen (N),
and total phosphorus (P) under oxic (top) and anoxic (bottom) conditions. The “percent of
inflow” value represents the percent of inflowing C, N, and P into the reservoir that is exported

downstream. A value of 100% indicates that reservoir inputs balanced exports; values <100%
indicated that the reservoir was a net sink of C, N, or P; and values >100% indicated that the

reservoir was a net source of C, N, or P downstream. Arrow widths are scaled to be proportional

to the median downstream export of each element.

28



531

532

533

534

535

536

537

538

539

540

541

542

543

544

545

546

547

548

549

550

551

552

553

Despite low retention of inflowing TOC overall, FCR served as a net sink of POC in its
sediments under both oxic and anoxic conditions. Across the seven years, FCR had marginally
higher annual POC burial rates in anoxic (10.6 = 1.1 g m? yr'!) vs. oxic (mean 10.4 £ 1.1 g m™
yr!) scenarios (p=0.10; Supplemental Text 5). The reservoir also served as a net sink of PON
and POP, with significantly greater sediment burial of PON, but not POP, in anoxic scenarios

than oxic scenarios (Supplementary Text 5).

Discussion

Our study provides one of the first comprehensive analyses on the effects of oxygen on
multiple fractions of C, N, and P at the whole-ecosystem scale in a freshwater ecosystem. Our
unprecedented 7-year field manipulation coupled with ecosystem model simulations reveals that
anoxia may decrease the ability of reservoirs to serve as sinks of C, N, and P. Moreover, anoxia
resulted in significantly higher summer concentrations of hypolimnetic NH4*, DRP, and DOC
and altered dissolved and total stoichiometry by factors of 2-6x. Our integrated field
manipulation and modeling study provides important insight on the biogeochemical cycling of
these three elements, which are already changing in many freshwaters globally due to human
activities (Powers et al. 2015, Maranger et al. 2018), and likely will change substantially more in
the future as the prevalence and duration of anoxia in lakes and reservoirs increase (Tranvik et al.
2009, North et al. 2014, Jenny et al. 20164, Jane et al. 2021). Below, we first examine the effects
of anoxia on each elemental cycle separately, then their combined stoichiometry, and ultimately

whole-ecosystem biogeochemical processing and fate.
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Hypolimnetic carbon and nutrient chemistry

This study provides an answer to the critical question of how increased anoxia will affect
OC cycling at the whole-ecosystem scale (Sobek et al. 2009, Brothers et al. 2014, Peter et al.
2016, Mendonga et al. 2017, Carey et al. 2018). The shift in reservoir OC cycling in response to
anoxia is the consequence of changes in three linked processes: POC burial, DOC
mineralization, and DOC release from the sediments. Under anoxic conditions, POC burial
increased slightly, DOC mineralization rates were low, and DOC release from the sediments to
the water column was 2x higher than in oxic conditions (Fig. 7). Under oxic conditions, DOC
mineralization rates, while higher than in anoxic conditions (Fig. 7), were still an order of
magnitude lower than the rate of hydrologic flushing. The net outcome of these three processes
was a substantial difference in OC retention in the reservoir during oxic vs. anoxic conditions.
Under oxic conditions, the reservoir served as a net sink of DOC and TOC, with up to 18% of
inflowing DOC and 23% of inflowing TOC retained in a summer (Fig. 8 A,B). Under anoxic
conditions, the decrease in net retention of inflowing DOC and TOC more than offset the slight
increase in POC burial, and nearly all of the inflowing DOC and TOC was exported downstream
(as indicated by 0% or positive flux in Fig. 8A,B). In five of the seven years, FCR even became a
net exporter of DOC in the anoxic scenario (Fig. 8B), meaning that both inflowing DOC and
likely legacy DOC that was previously buried in sediments were released and transported out of
the reservoir.

The finding that anoxia simultaneously increased the reservoir’s role as a POC sink while
decreased its role as a DOC sink may explain some of the conflicting results that emerged from
previous studies that focused on only one OC fraction. First, our study supports past work that

observed increasing hypolimnetic DOC concentrations in anoxic conditions, suggesting that
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anoxia decreases the freshwater OC sink (Brothers et al. 2014, Peter et al. 2016, Mendonga et al.
2017). The increasing hypolimnetic DOC concentrations have been attributed to both reductive
dissolution of iron-bound OC complexes in the sediments during anoxia (Skoog and Arias-
Esquivel 2009, Peter et al. 2016, Peter et al. 2017) and decreased mineralization rates in anoxic
conditions (Bastviken et al. 2004, Sobek et al. 2009). Our calibrated ecosystem model indicates
that both processes are important, but that the much higher hypolimnetic DOC concentrations in
anoxic conditions in FCR were primarily due to sediment release (Fig. 7).

At the same time, our work also supports laboratory microcosm and sediment core
studies that observed lower POC mineralization rates in anoxic than in oxic conditions
(Bastviken et al. 2004, Sobek et al. 2009), leading to the expectation of greater POC burial in the
sediments during anoxia. In FCR, mean summer POC hydrolysis rates in the hypolimnion were
five orders of magnitude lower in anoxic than oxic conditions (Fig. 7), enabling slightly greater
POC burial in anoxic than oxic conditions. Interestingly, a previous mass balance OC model
calculated that POC burial in FCR during anoxic summer periods was ~12 g m yr! (Carey et al.
2018), very similar to the 10.5 g m? yr! calculated with the numerical simulation model in this
study. The overall similarity in burial rates across the two studies both validates our approach
and confirms FCR’s role as a small net POC sink, despite being a much a larger DOC source
downstream under anoxic conditions. Altogether, our work indicates that using an ecosystem
model to simultaneously track both concentrations and rates of the major processes affecting
dissolved, particulate, and total pools of OC is needed to understand the full effects of oxygen on
OC cycling, as different fractions have different responses to anoxia.

Nitrogen was the most sensitive of the three focal elements to anoxia, with an NH4"-

dominated TN budget that increased dramatically during anoxic conditions. The dominant
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mechanism driving the NH4" increase in anoxic conditions were the approximately 4x higher
rates of ammonification and sediment release than in oxic conditions (Fig. 7). Anammox and
nitrification rates were very low in anoxic conditions (Fig. 7), enabling NH4" to accumulate in
the hypolimnion during anoxia. In oxic conditions, nitrification rates were unable to balance
sediment fluxes, resulting in much lower but still noticeable increases in summer NH4*
concentrations (Fig. 4G). As a result, the reservoir functioned as an NH4" source downstream
regardless of hypolimnetic oxygen availability, though anoxia increased downstream fluxes by
7x relative to oxic conditions, on average. The high sediment NH4" fluxes - even in oxic
conditions - indicate that FCR has a large sediment NH4" pool, which is likely due to historical
agriculture in the catchment (Gerling et al. 2016). Until agricultural abandonment in the 1930s,
most of FCR’s catchment was farmland (Gerling et al. 2016). Even though the catchment did not
experience industrial farming, agriculture can have century-long effects on soil properties,
erosion, and ecosystem functioning (Foster et al. 2003, Cusack et al. 2013), resulting in a large
pool of NH4" that can be recycled between the hypolimnion and sediments for many years before
eventual export (Ahlgren et al. 1994, Gerling et al. 2016).

Following expectation, hypolimnetic NO3™ concentrations were significantly higher in
oxic conditions than anoxic conditions. Despite an increase in NO3™ during oxic conditions, the
dominance of NH4" over NOj3™ in the DIN pool (due to high NH4* sediment fluxes even in oxic
conditions; Fig. 7) resulted in overall similar patterns for TN and NH4* (Fig. SC,D,E). We
initially anticipated that an increase in NOs™ in oxic conditions could balance an increase in NH4"
in anoxic conditions, thereby resulting in similar DIN concentrations regardless of oxygen level,
but low nitrification rates prevented increases in NO3™ from occurring in oxic conditions (Fig. 7).

Long-term water chemistry monitoring of FCR shows much lower summer NO3™ concentrations
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over time relative to NH4" (Fig. 3E,F), and thus modeled results follow observations. In the
anoxic scenario, denitrification rates at the sediments were higher than in the water column,
whereas in the oxic scenario, denitrification rates in the water column were higher than at the
sediments (Fig. 7), as also observed in Swiss lakes with varying oxygen levels (Miiller et al.
2021).

Altogether, anoxia significantly decreased FCR's role as a NH4" sink while increased its
role as an NOs" sink (Fig. 8E,F) to the extent that ~100% of inflowing NO3™ was removed via
denitrification. A previous study reported an average TN retention rate of 26% (and up to 78%)
of inputs for agricultural reservoirs in the U.S. (Powers et al. 2015). It would be expected that
FCR, which is located in a forested catchment, to have much higher TN retention than
agricultural reservoirs because of its lower external TN loads, however, FCR’s high export of
NH;4" resulted in the reservoir serving as a source of TN downstream regardless of hypolimnetic
oxygen availability (Fig. 9). We anticipate that a greater duration and prevalence of hypolimnetic
anoxia in lakes and reservoirs could increase freshwater NO;3™ retention, while decreasing TN
retention if a waterbody’s DIN pool is dominated by NH4*, as in FCR.

Summer hypolimnetic DRP concentrations were approximately 2x higher in anoxic
conditions than oxic conditions (Fig. 5SH). DRP cycling was primarily controlled by sediment
fluxes (Fig. 7), which encompassed both release from metal complexes and sediment organic
matter into the water column. Our observation of 2x higher sediment release rates of DRP in
anoxic than oxic conditions (Fig. 7) follows decades of work that have observed similar patterns
of increased P fluxes during anoxia (Niirnberg 1987, Bostrom et al. 1988, Rydin 2000,
Sendergaard et al. 2003). The novelty of our study is that we simultaneously quantified both

dissolved and total pools of P at the whole-ecosystem scale in our model, allowing us to
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disentangle the responses of different P fractions to anoxia. While DRP concentrations doubled
in response to anoxia, TP concentrations only slightly increased (Fig. 41,J), indicating an overall
insensitivity of particulate P to hypolimnetic oxygen conditions in FCR. We did observe a small
increase in dissolved organic P mineralization rates in response to higher oxygen (Fig. 7), but
overall the particulate P burial rate in FCR did not vary between anoxic and oxic scenarios
(Supplementary Text 5). Consequently, we expect that the P sink in reservoirs will be more
resilient to anoxia than the C and N sinks, especially if the hypolimnetic DRP pool only

comprises a small proportion of the TP pool, as observed in FCR (median of 11+1%).

Shifts in stoichiometry in response to anoxia

The substantial difference in stoichiometric ratios between anoxic and oxic conditions
has important implications for understanding how anoxia affects the ecosystem functioning of
lakes and reservoirs. Because anoxia increased hypolimnetic NH4" concentrations more than any
other dissolved or total fraction in this study, and NH4" dominated both the dissolved and total N
pools, any stoichiometric ratios that included NH4", DIN, or TN exhibited large shifts during
anoxia (Fig. 6). The significantly higher TN:TP and DIN:DRP ratios observed during anoxia will
likely affect water quality and food web structure (Fig. 6G,H). Higher N:P ratios favor non-N-
fixing cyanobacteria and will shift the composition of other taxa in phytoplankton community
based on their N and P requirements (Reynolds 2006), as phytoplankton can access hypolimnetic
nutrients via multiple mechanisms (Cottingham et al. 2015). In contrast, the significantly lower
TOC:TN, DOC:DIN, and DOC:NHj4" ratios during anoxia could increase organic matter
mineralization rates in the reservoir, as demonstrated in streams by Coble et al. (2015) (Fig.

6A,C,D). While DOC:DRP ratios significantly decreased in response to anoxia, TOC:TP ratios
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did not significantly change (Fig. 6B,F), which is likely because the particulate P pool dominated
the TP budget and was largely insensitive to the effects of oxygen.

Our results both support and contradict earlier studies that measured freshwater
stoichiometry across many waterbodies. Similar to an analysis of >27,000 freshwater samples
from U.S. waterbodies (Helton et al. 2015), we observed inverse relationships between NO3 vs.
NH4* concentrations and DOC vs. DIN concentrations (Fig. 6). Our study provides experimental
evidence to support the hypothesis that redox gradients are a major driver of NO3:NH4" and
DOC:DIN ratios, which will increase in oxic conditions and decrease in anoxic conditions
(Helton et al. 2015). On the other hand, our work finds only partial support for earlier findings of
lower TOC:TP and TN:TP ratios in reservoirs than natural lakes in an analysis of ~1000 U.S.
waterbodies, which was attributed in part to a greater incidence of anoxia in reservoirs
(Maranger et al. 2018). Median TOC:TP and TN:TP ratios in the reservoirs of that study were
417 and 38, respectively, which are similar to the ratios observed in FCR (Fig. 6B,G). However,
we did not see a significant difference in TOC:TP between anoxic and oxic scenarios (Fig. 6B),
suggesting that the differences in TOC:TP between reservoirs and natural lakes are likely not due
to anoxia. Moreover, we observed a significantly higher TN:TP ratio in anoxic conditions
relative to oxic conditions (Fig. 6G), indicating that individual waterbodies’ responses to anoxia
may be dependent on the dominance of NO3™ vs. NH4" in their DIN pool prior to the onset of
anoxia: if NO3 dominates, then TN:TP ratios will likely decrease with anoxia, while if NH4"
dominates, then TN:TP ratios will likely increase. In general, most lakes tend to have higher
NOs™ than NH4" concentrations (Quir6s 2003, Leoni et al. 2018), suggesting that anoxia may

result in lower TN:TP ratios in most waterbodies.
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Opportunities and challenges of our whole-ecosystem approach

Our coupled field manipulation and modeling study provided a powerful approach for
quantifying freshwater ecosystem responses to anoxia. Ideally, we would have run the REDOX
field manipulation with multiple summers of continuous oxygenation and multiple summers of
no oxygenation to contrast hypolimnetic conditions. However, we were constrained in our
manipulation as the reservoir was an active drinking water source during the study, necessitating
us to activate the oxygenation system every summer for the preservation of water quality.
Consequently, we used the calibrated ecosystem model to simulate the biogeochemistry of
continuously-oxygenated and never-oxygenated scenarios, which uniquely enabled us to
compare the effect of oxygenation while holding all other factors constant, such as temperature
(Fig. 4A).

The simulation model provided insights to reservoir responses to anoxia that would have
been challenging to glean from field observations alone. We used the model to calculate whole-
ecosystem rates that are impossible to measure in the field (e.g., daily POC burial), determine the
relative importance of different processes for biogeochemical budgets, and quantify how
processes changed in anoxic vs. oxic conditions. While the model’s biogeochemical rates were
determined from automated optimization and calibration of numerical simulation parameters,
they fall within reasonable ranges of biogeochemical rates observed in the field, supporting our
model results. For example, hypolimnetic sediment flux chamber measurements that were made
in FCR in summer 2018 measured a mean sediment oxygen demand of ~20 mmol m* d'! (range
8-37.5 mmol m? d!), which compares well with our calibrated hypolimnetic flux of 29 mmol m-
2 d! (Krueger et al. 2020). That study also measured NH4", DRP, and DOC fluxes from the

sediment into the water column as the chambers became anoxic, which calculated release rates
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up to 2.7 mmol NHs" m2 d!, 0.01 mmol DRP m? d'!, and 14 mmol DOC m d! (Supplementary
Text 1). These numbers are consistent with our maximum calibrated rates of 2.8 mmol NH4" m™
d ! and 0.01 mmol DRP m d! (Carey et al. 2021¢). Our maximum calibrated rate for DOC
sediment flux, 1.4 mmol DOC m™ d-!, is an order of magnitude lower than the field data,
suggesting that our modeled sediment flux rate of DOC was likely conservative.

We note several limitations to our study that should be considered. First, we focused on
the hypolimnion of FCR as a reactor in which we could isolate coupled biogeochemical
processes occurring during summer stratification, when C, N, and P processing rates are usually
at their highest due to warm temperatures. This focus on the hypolimnion precluded other
important processes that can have large effects on biogeochemical cycling in the epilimnion
(e.g., photodegradation). Second, the ecosystem model is inherently limited in that it does not
include all processes that can affect C, N, and P cycling (e.g., microbial dynamics, bioturbation).
Third, similar to many other lake modeling studies (e.g., Kara et al. 2012, Farrell et al. 2020,
Ward et al. 2020), it was challenging to model TP and DRP. For these two solutes in particular,
most of the variation in observations was within the limit of quantitation (Supplementary Text
2), indicating that the model should not necessarily be penalized for the low performance in its
evaluation metrics. Despite these challenges, the P parameters used for modeling FCR are
consistent with other applications of the GLM-AED for other lakes (Kara et al. 2012, Farrell et
al. 2020, Ward et al. 2020), and overall we were generally able to recreate observed physical,
chemical, and biological dynamics in both the epilimnion and hypolimnion (Fig. 3,

Supplementary Text 4).
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Conclusions

The duration, prevalence, and magnitude of anoxia in the bottom waters of lakes and
reservoirs are increasing globally (Butcher et al. 2015, Jenny et al. 2016a, Jane et al. 2021).
While low oxygen conditions are typically thought of as a response to land use and climate
change (Jenny et al. 2016b, Jane et al. 2021), our analysis demonstrates that low oxygen is itself
a driver of major changes to freshwater biogeochemical cycling. Importantly, our work indicates
that anoxia may alter the ability of lakes and reservoirs to serve as sinks of C, N, and P in the
landscape. Consequently, while hypolimnetic anoxia is a result of increased C, N, and P loading
into a waterbody, we also show that it may serve as an intensifying feedback that increases
anoxia in downstream waterbodies. This is evident in our study, as we found significantly higher
fluxes of C, N, and P downstream when FCR was exhibiting anoxic vs. oxic conditions during
the summer. While more data are needed to evaluate the consequences of this feedback on
downstream water quality, we hypothesize that it could be an important process affecting water
quality in some freshwater ecosystems. Given the vital role that inland waters play in removing
C, N, and P from downstream export (Harrison et al. 2009, Powers et al. 2016, Maranger et al.
2018), an increased prevalence and duration of anoxia in lakes and reservoirs will likely have

major effects on global C, N, and P budgets as well as water quality and ecosystem functioning.
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Supplementary Text 1. Description of field monitoring methods at Falling Creek Reservoir.

Overview

Throughout the REDOX experiment in 2013-2019, Falling Creek Reservoir (FCR) was
intensively monitored for water temperature, dissolved oxygen, chemistry, and phytoplankton
(chlorophyll-a) concentrations for model calibration and validation. The two major inflows into
FCR were also monitored for discharge, temperature, dissolved oxygen, and chemistry. The
frequency of monitoring varied by time of year: during the spring (March-May), field sampling
occurred weekly to fortnightly; from May-October, sampling occurred 1-2 times per week; and
from November-March, sampling occurred approximately once every month or every other
month. Monitoring occurred at the deepest lacustrine site in FCR next to the dam (see Fig. 2 in
main text) as well as at the primary inflow stream to FCR (Tunnel Branch) from 2013-2019. In
2019, a second smaller inflow was also monitored (Falling Creek). All monitoring data are
available with associated metadata in the Environmental Data Initiative repository (Carey et al.
2019, Carey et al. 2020, Carey et al. 2021a, Carey et al. 2021b, Carey et al. 2021f, Carey et al.

2021g), and described below.

Lacustrine monitoring

At the lacustrine sampling site, high-frequency (4 Hz) depth profiles of water
temperature, dissolved oxygen, and chlorophyll-a were collected with a SeaBird Conductivity,
Temperature, and Depth (CTD) profiler (Sea-Bird Scientific, Bellevue, WA, USA) on each
sampling day from 2013-2019 (Carey et al. 2021b). On the few sampling days when the CTD
was not available, we substituted a YSI handheld probe (ProPlus with Quattro cable or ProODO

optical dissolved oxygen meter; YSI Inc., Yellow Springs, OH, USA) to measure depth profiles
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of temperature and dissolved oxygen (Carey et al. 2021g). We collected paired CTD and YSI
depth profiles on 60 days during 2015-2019, yielding n=674 observations throughout the water
column for which we had replicate temperature and dissolved oxygen measurements. A
comparison of the CTD and YSI data indicate that the methods were quantitatively similar
(temperature Spearman’s rho = 0.98, mean bias = 0.48°C; dissolved oxygen rho = 0.82, mean
bias = 0.44 mg L).

We also collected water samples for total and dissolved nutrient (nitrogen and
phosphorus) and organic carbon analysis from the reservoir's water treatment extraction depths
(0.1, 1.6, 2.8, 3.8, 5.0, 6.2, 8.0, and 9.0 m) using a 4-L. Van Dorn sampler (Wildco, Yulee, FL,
USA). Water was filtered through GF/F (0.7 um) filters into acid-washed 125 mL HDPE bottles
and immediately frozen for nitrate, ammonium, dissolved reactive phosphorus, and dissolved
organic carbon analysis (Carey et al. 2021f). Unfiltered water was also frozen in separate acid-
washed 125 mL HDPE bottles for total nitrogen and total phosphorus analysis (Carey et al.
2021f), as well as for total organic carbon analysis on a subset of sampling days in 2014 (Carey
et al. 2018). In 2014, water samples were collected from 0.1, 5, and 9 m for dissolved reactive
silica analysis (Carey et al. 2020). We focused our analysis on organic C, rather than inorganic
C, because of the important role of reservoirs in burying this pool in the global C cycle
(Mendonga et al. 2017), and because previous work indicates that most terrestrial dissolved
inorganic C loads are rapidly emitted to the atmosphere (McDonald et al. 2013). All laboratory

analysis methods are described in Supplementary Text 2.

Inflow monitoring

At Tunnel Branch, the primary inflow to FCR (Fig. 2 in main text), we measured
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discharge and water temperature every 15 minutes using an INW Aquistar PT2X pressure sensor
(INW, Kirkland, Washington, USA) throughout the study period. From 15 May 2013 to 6 June
2019, the weir was rectangular before it was converted to a V-notch weir on 7 June 2019. Rating
curves and equations for calculating discharge, as well as data quality checks on the weir
conversion, can be found in the metadata for the discharge dataset, available in the
Environmental Data Initiative repository (Carey et al. 2021a). On each monitoring day from
2013-2019, we also collected water temperature and dissolved oxygen using a Y SI handheld
probe, as well as water samples for chemical analyses as described above.

Monitoring at Falling Creek, the second largest inflow to FCR, began in February 2019.
Falling Creek did not have a weir, so we measured discharge at this inflow using a flowmeter
(either a model FP 111 propeller flowmeter from Forestry Suppliers, Inc., Jackson, MS, USA or
a model Flo-Mate 2000656 instantaneous velocity meter from Marsh-McBirney, Frederick, MD,
USA). We used the flowmeter to measure velocity at 0.1-m increments along a transect across
the inflow stream. These measurements were subsequently used to calculate discharge following
(Gordon 2004). We periodically verified flowmeter measurements using both salt injection and
velocity floats. Details regarding these ancillary measurements as well as all inflow discharge
data are in the Environmental Data Initiative repository (Carey et al. 2019). We also collected
water temperature and dissolved oxygen using the YSI probe as well as water samples for

chemical analyses on each monitoring day at this inflow.

Sediment flux chambers
Benthic flux chambers were deployed in triplicate over the sediments in the hypolimnion

of FCR during two 10-day experiments in summer 2018 (21 June — 2 July and 13 — 23 August)
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to measure diffusive solute fluxes across the sediment-water interface (Krueger et al. 2020). The
flux chambers isolated 64.86 L of hypolimnetic water and 0.27 m? of the hypolimnetic sediment
surface. Each chamber contained an optical dissolved oxygen sensor (InsiteIG Model 31, Slidell,
LA, USA) to measure temperature and dissolved oxygen. The sensors were connected to a data
logger (Gantzer Water, Livingston, TX, USA), which collected data on 2-minute intervals.

During deployment, the chambers were slowly lowered from a boat through the water
column to the bottom and were then flushed with hypolimnetic water for 90 — 120 minutes using
a circulation pump until dissolved oxygen and temperature within the chamber stabilized. After
deployment, the chambers were left undisturbed for 24 hours before water samples were
collected from the chamber every 3 days for 10 days (Krueger et al. 2020). The chambers went
anoxic typically within 2-3 days. During sampling, water within the chamber and tubing was
slowly circulated for one minute before water samples were gently removed via tubing for
dissolved organic carbon, ammonium, dissolved reactive phosphorus, dissolved iron, and
dissolved manganese without disturbing the sediments (Krueger et al. 2020). Iron and manganese
analytical methods and data are published in (Krueger et al. 2020). Dissolved organic carbon,
ammonium, and dissolved reactive phosphorus analytical methods are described in
Supplementary Text 2 and published in (Carey et al. 2021e).

The water chemistry samples were used to calculate sediment release rates for each solute
into the hypolimnion. Fluxes were calculated using the equation:
] =bx({V/A) (eqn. S1)
Where J is the flux of the solute (mmol m? d!), 4 is the slope of the best fit line of the solute
concentrations plotted over time (mmol m? d!), Vis the volume of the flux chamber (64.86 L),

and A is the surface area of the flux chamber (0.27 m?).
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Supplementary Text 2. Laboratory water chemistry analysis detailed methods.

Overview and quality assurance/quality control procedures

Below, we describe the laboratory methods and quality control procedures we used to
quantify carbon (dissolved organic carbon, total organic carbon), nitrogen (ammonia, nitrate,
total nitrogen), phosphorus (dissolved reactive phosphorus and total phosphorus), and dissolved
reactive silica in reservoir water samples.

For quality control and assurance of data, method detection limits, limits of quantitation,
and long-term averages were calculated. Generally, method detection limits (MDL) were
determined as a one-sided 99% confidence interval from repeated measurements of a low
concentration standard (USEPA 1997). Limits of quantitation (LOQ) were calculated as 10 times
the standard deviation (Currie 1968). These measures were calculated at least once each season.
Long-term averages were calculated over all determinations within the study period and reported
with a 95% confidence interval.

Values below the MDL were kept as reported by the instrument but flagged in the
database as being below detection. Values below the LOQ were kept and not flagged. Negative
values were set to zero and flagged in the database. If a sample was analyzed repeatedly and
multiple valid measurements for an analyte were obtained, as might happen if a signal peak was
improperly integrated for only one of several analytes reported by a particular instrument, the
mean of the multiple valid measurements was calculated and reported. All chemical
measurements used in the calibration and validation of the FCR GLM-AED model are published

in the Environmental Data Initiative (EDI) repository (Carey et al. 2021f).
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Carbon

Total and dissolved organic carbon concentrations were both determined by infrared
absorbance after organic carbon was released from the samples as carbon dioxide by either
heated persulfate digestion (APHA 2017e) or high temperature combustion (APHA 2017d).
Long-term mean MDL and LOQ were 0.34 (0.11 to 0.56) and 1.13 (0.37 to 1.89) mg L!,

respectively (calculated from n = 12 MDL determinations).

Nitrogen

Ammonia nitrogen (hereafter, ammonium) concentrations were determined
colorimetrically using the phenate method on a Lachat QuikChem 8500 Flow Injection Analyzer
(Lachat Instruments, Loveland, CO, USA) (Lachat 2007a, APHA 2017a). We adopted a
common modification and used sodium dichloroisocyanuric acid as the source of hypochlorite
ion because of its longer shelf life (following Grasshoff and Johannsen 1972, Zhang et al. 1997).
Long-term mean MDL and LOQ were 2.9 (2.2-3.7) and 9.2 (7.0-11.3) ng L', respectively
(calculated from n = 32 MDL determinations).

Nitrate plus nitrite nitrogen (hereafter, nitrate) concentrations were determined
colorimetrically using cadmium reduction followed by the Griess reaction on a Lachat
QuikChem 8500 Flow Injection Analyzer (Lynch 2007, APHA 2017b). Long-term mean MDL
and LOQ were 1.8 (1.4 to 2.2) and 5.7 (4.4 to 7.1) pg L', respectively (calculated from n = 41
MDL determinations).

Total nitrogen concentrations were determined after an alkaline persulfate digestion
(Patton and Kryskalla 2003) at sub-boiling temperatures (Doyle et al. 2004, Huang and Zhang

2009), followed by a colorimetric determination of the resulting nitrate using cadmium reduction
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and the Griess reaction. The method was modified by the addition of 0.25 M sodium hydroxide
to the sample before color development as described in (Egan 2013). Due to known contribution
of reagents to nutrient burdens, concentrations were corrected by the mean of process blanks.
Long-term mean MDL and LOQ were 14.2 (7.5 t0 20.1) and 45.1 (23.8 to 66.5) pg L,

respectively (calculated from n = 53 MDL determinations).

Phosphorus

Dissolved reactive phosphorus concentrations were determined colorimetrically using the
molybdenum blue method on a Lachat QuikChem 8500 Flow Injection Analyzer (Lachat 2007b,
APHA 2017c¢). Long-term mean MDL and LOQ were 2.5 (2.0 to 3.0) and 7.6 (6.0 t0 9.2) ug L,
respectively (calculated from n = 31 MDL determinations). For this analyte in particular, caution
is warranted when interpreting potential differences in concentrations below the LOQ.

Total phosphorus concentrations were determined after an alkaline persulfate digestion
(Patton and Kryskalla 2003) at sub-boiling temperatures (Zhang et al. 1997, Doyle et al. 2004),
followed by a colorimetric determination of the resulting dissolved reactive phosphorus
concentration using the molybdenum blue method. Due to known contribution of reagents to
nutrient burdens, concentrations were corrected by the mean of process blanks. Long-term mean
MDL and LOQ were 3.7 (2.9 to 4.5) and 11.7 (9.2 to 14.2) ug L', respectively (calculated from
n = 54 MDL determinations). As for total phosphorus, caution is warranted when interpreting

potential differences in concentrations below the LOQ.

Silica

Dissolved reactive silica was determined colorimetrically using ammonium molybdate
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followed by sodium sulfite reduction (Wetzel and Likens 2000) using a Shimadzu UV 1601
spectrophotometer (Shimadzu Corp., Kyoto, Japan). Dissolved reactive silica was only analyzed
for a subset of depths in 2014, and a limit of detection (LOD) and limit of quantitation (LOQ)
were estimated from the calibration curve (IUPAC 1997, Ranke 2018, Team 2020). The

estimated LOD was 0.39 mg L' and the estimated LOQ was 0.70 mg L-!.

Instrument overlap

Some analytical instruments were replaced or updated during the 2013-2019 study
period. When transitioning between instruments, we conducted overlap studies (Table S1).
Correspondences in concentrations determined from the old vs. new instruments were assessed
with method comparison regression. We used Passing Bablock regression (Passing and Bablok
1983), a non-parametric form of error-in-variables regression. Estimates of slope and intercept
were determined and confidence intervals for the regression coefficients were quantified by
bootstrapping (Manuilova and Schuetzenmeister 2014). Good correspondence yields a slope near
1 and an intercept near 0, and a 95% confidence interval that does not include these best-case
values indicates a statistically-significant difference. If an intercept was significantly different
from 0, we compared the magnitude of this difference to the MDL. If the difference was within 2
of the MDL, the correspondence was judged to be acceptable for inclusion of both old and new
instrument concentrations in subsequent data analyses. If a slope was significantly different from
1, we evaluated both the magnitude of the difference and plots of residuals vs. concentrations. If
there was no clear pattern over increasing concentration, the correspondence was judged

acceptable.
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Supplementary Text 3. Model description, driver data, confisuration, calibration,

scenarios, and goodness-of-fit statistics.

Model description

GLM-AED simulates the dominant biogeochemical processes controlling freshwater
oxygen and C, N, and P cycling (Farrell et al. 2020, Ward et al. 2020). Water column oxygen
dynamics are modeled as a function of atmospheric oxygen exchange, sediment oxygen demand,
organic matter mineralization, chemical oxidation (e.g., nitrification), and phytoplankton
photosynthesis and respiration. Carbon state variables in GLM-AED include methane (CHa),
dissolved inorganic carbon (DIC), two DOC pools (recalcitrant and labile), particulate organic
carbon (POC), and coarse particulate organic matter (CPOM); and C processes include sediment
fluxes of CH4, DOC, DIC, and POC; CH4 oxidation; mineralization of DOC; decomposition of
POC and CPOM,; and phytoplankton C fixation, respiration, excretion, and death. Nitrogen state
variables in GLM-AED include NH4", NOs, recalcitrant and labile dissolved organic nitrogen
(DON), and particulate organic nitrogen (PON); and N processes include sediment fluxes of
NH4*, NOs", DON, and PON; mineralization of DON; decomposition of PON; nitrification;
denitrification; anaerobic ammonium oxidation (anammox); dissimilatory nitrate reduction to
ammonium (DNRA); phytoplankton uptake of NH4" and NOs; phytoplankton excretion of
DON; and phytoplankton mortality, which affects PON. Phosphorus state variables include DRP,
recalcitrant and labile dissolved organic phosphorus (DOP), and particulate organic phosphorus
(POP); and P processes include sediment fluxes of DRP, DOP, and POP; mineralization of DOP;
decomposition of POP; phytoplankton uptake of DRP; phytoplankton excretion of DOP; and
phytoplankton mortality, which affects POP. Total pools - i.e., TOC, TN, and TP - are calculated

from summing all of their respective fractions, including phytoplankton C, N, and P pools.

10
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Driver data

GLM-AED simulates the dominant biogeochemical processes controlling freshwater
oxygen and carbon, nitrogen, and phosphorus cycling (Hipsey 2014, Farrell et al. 2020, Ward et
al. 2020) and requires three driver datasets: meteorological data; inflow stream data (which
consists of discharge, water temperature, and chemistry); and outflow water discharge. We
developed each of these driver datasets for Falling Creek Reservoir (FCR) for 15 May 2013 to 31
December 2019, as detailed below. All model configuration files and driver data are available in
the Environmental Data Initiative repository (Carey et al. 2021d), and the R code (v.3.6.3) to
generate the driver files are available in the Zenodo repository (Carey et al. 2021e).

Meteorological driver data: GLM-AED was forced with hourly meteorological data (air

temperature, relative humidity, shortwave and longwave radiation, wind speed, and precipitation)
from NASA's North American Land Data Assimilation System (NLDAS-2; Xia et al. 2012) for
FCR.

Inflow stream driver data: We developed driver datasets of daily discharge and water

temperature for the two primary surface streams entering into FCR, Falling Creek and Tunnel
Branch (Fig. 2 in main text), from manually-collected data and sensor observations from 2013-
2019. The total discharge and temperature of Tunnel Branch, the largest stream that enters into
FCR, were measured continuously throughout the study period at a weir with pressure and
temperature sensors measuring every 15 minutes (Carey et al. 2021a).

Falling Creek, the smaller stream entering into FCR, was monitored less regularly than
the larger inflow and did not have a weir (Supplementary Text 1), so its daily total discharge was
summed from separate models that calculated precipitation-driven flow and baseflow. First, we

estimated daily precipitation-driven flow for both Falling Creek and Tunnel Branch using a
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274

simple hydrological model based on their delineated watershed areas and NLDAS-2 precipitation
and air temperature following Ward et al. (2020); code available in Carey et al. (2021e). Second,
we subtracted the modeled daily precipitation-driven flow from total discharge measured at the
Tunnel Branch weir to estimate its daily baseflow. Third, we compared baseflow data collected
manually in both streams using flowmeters and salt injection on n=19 days without any recent
precipitation in 2019 (Carey et al. 2021a), and calculated the mean ratio of baseflow in Falling
Creek to Tunnel Branch from those 19 days of data. Fourth, we then multiplied that ratio by the
daily baseflow in Tunnel Branch to calculate daily baseflow in Falling Creek. Finally, we
summed Falling Creek’s daily baseflow and its daily precipitation-driven flow to calculate daily
total discharge for that stream.

Water temperature was measured at an upstream littoral site in FCR near where Falling
Creek entered the reservoir at approximately the same frequency as the lacustrine monitoring
(Supplementary Text 1). This littoral temperature dataset was linearly interpolated and used to
calculate Falling Creek's daily inflow temperature (Carey et al. 2021e).

The inflow water chemistry driver data for Tunnel Branch and Falling Creek were
determined from manual grab sample observations (Carey et al. 2021f). Both streams are well-
mixed, so their dissolved oxygen concentrations were estimated assuming 100% saturation using
the rMR package (Moulton 2018). Surface grab samples at Tunnel Branch for NO3-, NH4*, DRP,
DOC, TN, and TP were collected on approximately the same frequency as the reservoir water
column chemistry samples (Supplementary Text 1), and linearly interpolated to a daily time
step.

GLM-AED requires additional solute driver data for inflows, including dissolved silica

(Si1); particulate organic fractions of C, N, and P; two dissolved organic fractions of C, N and P
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(labile and recalcitrant); dissolved CHa4; and DIC; which were estimated from intermittent grab
samples or literature ratios to develop the daily inflow dataset. Specifically, following Wetzel
(2001)’s synthesis of the distribution of dissolved, organic, and total fractions of C, N, and P in
north temperate lakes similar to FCR, we assumed that: 1) 10% of the DOC, DON, and DOP
pools was labile and 90% was recalcitrant; 2) POC concentrations were 10% of DOC
concentrations; 3) DON concentrations were five times greater than PON concentrations; and 4)
30% of total organic P is in the DOP fraction. PON concentrations were determined via
subtraction, and DIC and dissolved Si concentrations were set at the median of long-term
measurements (Munger et al. 2016, Carey et al. 2020). To compensate for not simulating an
adsorbed P pool or metal-complexed P pool in the model, we set POP concentrations as ten times
the TP concentrations.

Stream water chemistry was measured intermittently at Falling Creek, so its daily solute
concentrations were calculated from multiplying Tunnel Branch's daily solute concentrations by
ratios of the two stream’s solutes measured on n=24 days in 2019 (Carey et al. 2021f).

We represented FCR’s hypolimnetic oxygenation system (HOx) by a submerged inflow
in the model. The mass of dissolved oxygen in the submerged inflow matched the mass of
dissolved oxygen added in the reservoir as part of HOx operations during the field manipulation
(Carey et al. 2021d, Carey et al. 2021¢), but with a reduced inflow volume (compared to the
volume of water pumped through the HOx system) and no other solutes. We simulated the HOx
system in this way to recreate how it functions in the reservoir: the HOx system deployed in FCR
does not affect water balance or thermal structure because it returns the same volume of water it
extracts from 8 m in the hypolimnion for oxygenation onshore back to 8 m without altering its

temperature (Gerling et al. 2014). Consequently, because GLM-AED can simulate submerged
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inflows but not outflows, we reduced the inflow volume of the submerged stream to avoid
altering the model’s water budget. We did not add any solutes (other than dissolved oxygen) in
this inflow to ensure that any effects of the HOx system on hypolimnetic chemistry were due to
in situ reservoir processes, not inflow chemistry dynamics. The water temperature of this
submerged inflow was set to observations of water temperature at 8 m, the depth at which the

HOx injects the oxygenated water into the hypolimnion (Gerling et al. 2014).

Outflow water balance: The daily outflow discharge was estimated as the sum of the two
surface streams’ daily inflow discharge, as the reservoir did not exhibit large changes in water
level during the 2013-2019 study and was managed to maintain full pond conditions. GLM-AED
determines the physical and chemical properties of the outflow using the state of the modeled

reservoir.

Model configuration

We simulated two sediment zones in the model, based on the bathymetry of FCR
(Gerling et al. 2014), to represent separate epilimnetic and hypolimnetic sediment dynamics. The
two sediment zones had different temperature and heat dynamics, as well as different sediment
flux rates for oxygen, NH4", NOs", and DRP, following previous work in FCR (Gerling et al.
2016, Krueger et al. 2020, McClure et al. 2020). Phytoplankton were divided into three groups
that represented the dominant taxa in FCR: cyanobacteria, diatoms, and green algae (Carey et al.
2021c).

The total model simulation period was 15 May 2013 to 31 December 2019, which was
chosen because the weir on the largest stream inflow was deployed on 14 May 2013. GLM-AED

was run on an hourly time step throughout the simulation period, which encompassed a wide
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range of meteorological conditions, inflow volumes, HOx operation levels, and resulting
hypolimnetic oxygen concentrations (Carey et al. 2021d). Initial water column profiles of water
temperature and water chemistry were chosen to represent typical conditions observed in the

reservoir in May (Carey et al. 2021d).

Model calibration

We divided the total simulation period into calibration (15 May 2013-31 December 2018)
and validation (1 January 2019-31 December 2019) periods for model verification. As GLM-
AED is a 1-D model, we focused model calibration on the full depth profile at the deepest site at
the reservoir, where the long-term monitoring data were collected (Fig. 2 in main text). Earlier
studies indicate that oxygen dynamics at the deep site are representative of upstream sites in the
reservoir (Gerling et al. 2014, McClure et al. 2018). The monitoring site is immediately adjacent
to the reservoir outflow, thereby ensuring that the model accurately captured downstream export
of C, N, and P.

We calibrated GLM-AED to observed conditions in a three-step approach, following
(Ladwig et al. 2021). First, we conducted a global sensitivity analysis to identify the most
important parameters for simulating water temperature, dissolved oxygen, NH4*, NO3", DRP, and
DOC following Morris (1991). Second, we calibrated the identified sensitive parameters (Table
S2) using the covariance matrix adaptation evolution strategy (CMA-ES) for automated
numerical optimization to minimize root mean square error (RMSE) between observations and
model output (Hansen 2016), using all sampling depths in the water column (0.1, 1.6, 2.8, 3.8,
5.0, 6.2, 8.0, and 9.0 m). Initial parameter values were set at model defaults (Hipsey et al. 2019)

and run for 1000 iterations. Third, since we found strong trade-offs in performance for NH4" and
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NO;™ automated calibrations, whereby the best parameters for one solute degraded the
performance of the other, we manually chose parameter values that exhibited their best combined
performance, following (Ladwig et al. 2021). All model parameter values are available in the

Environmental Data Initiative repository (Carey et al. 2021d).

Goodness-of-fit metrics

We calculated multiple goodness-of-fit metrics to assess the model’s performance during
the calibration period, the validation period, and the total simulation period for hypolimnetic
water temperature, thermocline depth, dissolved oxygen, total and dissolved fractions of C, N,
and P water chemistry, and water chemistry ratios. These metrics included Spearman’s rho,
RMSE, normalized mean absolute error (NMAE), percent bias, and Nash-Sutcliffe Efficiency
(NSE), following (Kara et al. 2012, Ward et al. 2020, Ladwig et al. 2021), and are reported in

Supplementary Text 4.

Model scenarios

We examined the effects of two different oxygen scenarios on the calibrated GLM-AED
model: one in which the model was forced with a high level of experimental oxygenation to keep
the hypolimnion oxic throughout the summer thermally-stratified period (15 May to 15 Oct) over
the 2013-2019 simulation period and one in which zero oxygen was added to the hypolimnion
during 2013-2019, so hypolimnetic anoxia quickly set up after the onset of summer thermal
stratification each year. The high level of experimental oxygenation in the oxic scenario matched
the level of maximum HOx operation in FCR (Carey et al. 2021e). These scenarios were

instantiated in the model by modifying the concentration of oxygen in the submerged inflow
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oxygen driver file. All other driver data (meteorology, surface stream inflows, outflow) were

held constant.
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Supplementary Text 4. Comparison of model output and observations.

GLM-AED was able to reproduce observed physical and chemical dynamics when
comparing model output and empirical data for 9 m in the hypolimnion (the focus of this study;
Table S3), the full water column (Table S4), as well as for the epilimnion only (Fig. S1) during
the seven-year REDOX field manipulation. In addition to the state variables reported in the main
text, the time series comparison of the modeled and observed focal hypolimnetic (9 m) ratios are

presented in Fig. S2.
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Supplementary Text 5. Statistical results from paired t-tests comparing anoxic vs. oxic

model scenario output.

In the oxic model scenario, oxygen was added into the hypolimnion of Falling Creek
Reservoir throughout the thermally-stratified period during each summer of the seven-year study.
In the anoxic scenario, no oxygen was added to the hypolimnion, resulting in prolonged
hypolimnetic anoxia each summer. We compared the median summer hypolimnetic (9 m)
concentrations (Table S5), hypolimnetic molar ratios (Table S6), and reservoir retention of
carbon, nitrogen, and phosphorus (Table S7) between the two scenarios with paired t-tests. Daily
values were aggregated to summer medians, which were not temporally autocorrelated. We also
compared annual rates of sediment burial of particulate organic carbon, nitrogen, and phosphorus

between the two scenarios (Table S8).
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Fig. S1. Modeled vs. observed epilimnetic dynamics in Falling Creek Reservoir. Comparison
of modeled (black line) vs. observed (red points) epilimnetic water temperature (A), dissolved
oxygen (B), dissolved organic carbon (DOC; C), total nitrogen (TN; D), ammonium (NH4"; E),
nitrate (NOs7; F), total phosphorus (TP; G), and dissolved reactive phosphorus (DRP; H).
Epilimnetic water temperature and dissolved oxygen data are from 1 m depth while the water
chemistry concentrations are from 1.6 m depth.
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Fig. S2. Modeled vs. observed hypolimnetic stoichiometry in Falling Creek Reservoir.
Comparison of modeled (black line) vs. observed (red points) hypolimnetic (9 m) water
chemistry molar ratios of dissolved organic carbon to dissolved inorganic nitrogen (DOC:DIN;
A), DOC to ammonium (DOC:NH4"; B), DOC to nitrate (DOC: NOs-; C), DOC to dissolved
reactive phosphorus (DOC:DRP; D), total nitrogen to total phosphorus (TN:TP; E), and DIN to
DRP (DIN:DRP; F). Note the varying y-axes among panels. Because nitrate concentrations were
often below method detection limits, resulting in very large erroneous ratios, only ratios <1250
are presented in panel C.
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Table S1. Overview of results of overlap studies between old and new analytical chemistry
instruments for each biogeochemical analyte. LOQ denotes limit of quantitation and MDL
denotes method detection limit.

Analyte Old instrument | New Timing of [Number [Results of overlap study
instrument transition |of
samples
in
overlap
study
Total and OI Analytical  |Elementar January  |302 Only 4% of the observations were below
dissolved Model 1010 vario TOC 2017 the LOQ. When all samples were
organic Total Organic  [select (a high included, the Passing-Babcock regression
carbon Carbon temperature slope was 1.22 (1.17-1.28), the intercept
Analyzer (a combustion was 0.06 (-0.04 to 0.16), and the Pearson
heated instrument) correlation coefficient was 0.967. The
persulfate slope above 1 suggests that the new
digestion method using high temperature
instrument) combustion may have greater recoveries
than the old method using heated
persulfate and that this difference may
increase with concentration. Plots of
residuals over concentration showed no
pattern. We chose not to correct
concentrations determined before the
instrument transition to a modeled
equivalence to concentrations determined
by the new instrument (e.g., Newell and
Morrison 1993) and instead evaluated
potential discontinuities over time during
that period with particular caution.
Ammonium |Lachat Lachat Fall 2018 [359 We found 24.5% of observations were
QuikChem 8500 [QuikChem below the LOQ. When all data were
Series 1 Flow  |8500 Series 2 included, the Passing-Babcock regression
Injection Flow Injection slope was 1.02 (1.01-1.02), the intercept
Analyzer Analyzer was -0.48 (-0.80 to 0.06), and the Pearson
correlation coefficient was 0.997. While
the slope was significantly different from
1, this difference was small. Plots of
residuals showed no patterns. When
restricted to concentrations above the
LOQ, the analysis was largely unchanged.
Passing-Babcock regression slope was
1.02 (1.01-1.02), the intercept was -0.54 (-
1.00 to 0.25), and the Pearson correlation
coefficient was 0.997.
Nitrate Lachat Lachat Fall 2018 [354 More than half the observations (58.2%)
QuikChem 8500 [QuikChem were below the LOQ. When all samples
Series 1 Flow  |8500 Series 2 were included the Passing-Babcock
Injection Flow Injection regression slope was 1.01 (0.99-1.04), the
Analyzer Analyzer intercept was -1.05 (-1.26 to -0.84) and

the Pearson correlation coefficient was
0.981. While the intercept was
significantly different from zero,
differences between instruments were
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smaller than the long-term MDL (1.05 and
1.7, respectively). When restricted to
concentrations above the LOQ, the
analysis was largely unchanged. Passing-
Babcock regression slope was 1.02 (1.00-
1.06), the intercept was -1.29 (-2.00 to -
0.58), and the Pearson correlation
coefficient was 0.978.

Total
nitrogen

Lachat
QuikChem 8500
Series 1 Flow
Injection
Analyzer

Lachat
QuikChem
8500 Series 2
Flow Injection
Analyzer

Fall 2018

326

Only one observation was below the LOQ
(0.3%). The Passing-Babcock regression
slope was 0.98 (0.94-1.02), the intercept
was 18.03 (9.01-28.42), and the Pearson
correlation coefficient was 0.982. While
the intercept was significantly different
from zero, the magnitude of the difference
between instruments was close to the
long-term MDL (18.03 and 14.2 pug L*!
respectively).

Dissolved
reactive
phosphorus

Lachat
QuikChem 8500
Series 1 Flow
Injection
Analyzer

Lachat
QuikChem
8500 Series 2
Flow Injection
Analyzer

Fall 2018

356

More than half the observations (64.9%)
were below the LOQ. When all samples
were included, the Passing-Babcock
regression slope was 0.76 (0.71-0.80), the
intercept was 0.27 (-0.22 to 0.63), and the
Pearson correlation coefficient was 0.958.
The method comparison plot shows a
flattening of the slope at concentration
below the LOQ. Plots of residuals suggest
a U-shape with an increase at the highest
and lowest concentrations. When
restricted to concentrations above the
LOQ, Passing-Babcock regression slope
was 0.99 (0.92-1.06), the intercept was -
3.39 (-4.79 to -2.12), and the Pearson
correlation coefficient was 0.966. Plots of
residuals over concentration were
randomly distributed around 0. While the
intercept was significantly different from
zero, the magnitude of the difference
between instruments was close to the
long-term MDL (3.39 and 2.5,
respectively). For this analyte in
particular, caution is warranted when
interpreting potential differences in
concentration below the LOQ.

Total
phosphorus

Lachat
QuikChem 8500
Series 1 Flow
Injection
Analyzer

Lachat
QuikChem
8500 Series 2
Flow Injection
Analyzer

Fall 2018

336

More than half the observations were
below the LOQ (56.0%). The Passing-
Babcock regression slope was 0.95 (0.92-
0.98), the intercept was 3.24 (2.78-3.72),
and the Pearson correlation coefficient
was 0.954. When restricted to
concentrations above the LOQ, Passing-
Babcock regression slope was 1.05 (1.01-
1.09), the intercept was 0.78 (-0.39 to
1.82), and the Pearson correlation
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coefficient was 0.960. While the slope
was significantly different from 1, this
difference was small. Plots of residuals
showed no patterns. For this analyte in
particular, caution is warranted when
interpreting potential differences in
concentration below the LOQ.
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Table S2. GLM-AED parameters that were identified as highly sensitive for the focal state
variables in the Falling Creek Reservoir model. The focal state variables were water temperature,
dissolved oxygen, dissolved organic carbon (DOC), ammonium (NH4"), nitrate (NO3°), and

dissolved reactive phosphorus (DRP).

State variables | Calibrated parameters

Temperature Coef mix_hyp, sw_factor, Iw_factor, ch, sed temp mean,
sed temp amplitude, sed temp peak doy

Dissolved Fsed oxy, Ksed oxy

oxygen

DOC Kdom_minerl, Kpom_hydrol

NH4* Fsed amm, Ksed amm, Rnitrif, Knitrif, theta nitrif, Kdnra_oxy,
Kanmx amm

NOs- Rnitrif

DRP Fsed frp, Ksed frp
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Table S3. Goodness-of-fit (GOF) metrics for comparing observations and modeled GLM-
AED output for Falling Creek Reservoir, VA, USA in the hypolimnion (9 m). GOF metrics
include root mean square error (RMSE), percent bias (%PBIAS), Nash-Sutcliffe (NSE),
Pearson’s correlation coefficient (Pearson’s r), and normalized mean absolute error (NMAE); n
is the number of observed measurements. Each GOF metric was calculated comparing model
outputs and observational data for the time period of interest (Full simulation, 2013-2019;
Calibration, 2013-2018; and Validation, 2018-2019). Evaluated parameters include temperature
(Temp, °C), oxygen (mmol m™), ammonium (NH4*, mmol m), nitrate (NOs", mmol m™3),
dissolved reactive phosphorus (DRP, mmol m™), dissolved organic carbon (DOC, mmol m™),
total nitrogen (TN, mmol m™), and total phosphorus (TP, mmol m~). We note that the model fits
for TP and DRP, while in the magnitude of the observations, were worse than for the other
solutes. This is likely due to measurement uncertainty, rather than model misspecification, since
most of the TP and DRP observations were below the limit of quantitation in laboratory analysis
(0.15 and 0.08 mmol m™, respectively).

Time period Parameter | Temp | Oxygen | NHs"| NO3" | DRP | DOC| TN | TP

n 323 331 201 | 201 | 200 | 201 | 229 | 230
RMSE 1.32 | 97.5 14.6 | 0.24 | 0.06 | 63.2 [ 189 | 0.65
PBIAS% 2.8 9.0 -3.1 |1 29.1 [ 302 | -3.4 | -26.4( -3.5
NSE 0.75 | 0.17 032 | -0.43( -1.21 | 0.24 | 0.33 | -0.39

Pearson’st | 0.89 | 0.69 0.64 | 0.30 [ 0.01 [ 0.53 | 0.70 | 0.09

Full simulation | NMAE 0.10 | 0.39 0.73 | 1.05 [ 0.59 | 0.21 | 0.42 | 0.64

n 277 285 162 | 162 | 161 162 | 180 | 181
RMSE 1.33 100.7 13.8 1022 { 0.05 | 51.0 | 16.6 | 0.6
PBIAS% 1.6 7.1 144 | 245|144 | -73 | -25.0| 3.4
NSE 0.76 | 0.01 0.06 | -0.18( -0.37 | 0.44 | 0.13 | -0.35

Pearson’st | 0.89 | 0.64 0.60 | 0.38 [ 0.05 [ 0.77 | 0.65 | 0.10

Calibration NMAE 0.10 | 0.37 093 | 0.87 [ 0.41 | 0.17 | 0.43 | 0.61

n 46 46 39 39 39 39 49 49
RMSE 1.26 | 74.2 172 103 [ 0.09 | 989 | 258 | 0.60
PBIAS% 10.1 | 32.7 -28.3 1 56.0 | 130.3| 12.9 | -29.1| -28.6
NSE 0.69 | 0.39 0.47 | -2.45( -791 1 -0.25] 0.29 | -0.61
Pearson’st | 0.95 | 0.80 0.77 1 0.00 | 0.04 | -0.39 | 0.62 | 0.06
Validation NMAE 0.10 | 0.53 044 | 1.72 [ 1.46 | 0.39 | 0.39 | 0.75
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Table S4. Goodness-of-fit (GOF) metrics for comparing observations and modeled GLM-
AED output for Falling Creek Reservoir, VA, USA in the entire water column (aggregated
across 0.1, 1.6, 2.8, 3.8, 5.0, 6.2, 8.0, and 9.0 m observations). GOF metrics include root mean
square error (RMSE), percent bias (%PBIAS), Nash-Sutcliffe (NSE), Pearson’s correlation
coefficient (Pearson’s r), and normalized mean absolute error (NMAE); n is the number of
observed measurements. Each GOF metric was calculated comparing model outputs and
observational data for the time period of interest (Full time period, 2013-2019; Calibration,
2013-2018; and Validation, 2018-2019). Evaluated parameters include temperature (Temp, °C),
thermocline depth (TD, m), oxygen (mmol m™*), ammonium (NH4", mmol m™), nitrate (NOs",
mmol m), dissolved reactive phosphorus (DRP, mmol m™?), dissolved organic carbon (DOC,
mmol m™?), total nitrogen (TN, mmol m™), and total phosphorus (TP, mmol m*). Thermocline
depth was calculated using LakeAnalyzer (Read et al. 2011). We note that the model fits for TP
and DRP, while in the magnitude of the observations, were worse than for the other solutes. This
is likely due to measurement uncertainty, rather than model misspecification, since most of the
TP and DRP observations were below the limit of quantitation in laboratory analysis (0.15 and
0.08 mmol m~, respectively).

g::;(e)d Parameter | Temp | TD | Oxygen| NH4*|NO3” [DRP |DOC |TN |TP
n 3639 |356 |3726 |1277 |1273 |1271 (1277 [1518 | 1724
RMSE 1.89 (1.5 |81.2 8.34 [0.16 10.05 [81.9 |12.1 [0.54
PBIAS% |1.7 36 |5.5 18 7.7 |11.8 [-12.5 [-21.3]-11.6
NSE 0.89 10.01 ]0.32 04 1-0.341-0.9310.12 ]0.36 [-0.78

Full Pearson’sr [0.94 ]0.32 |0.63 0.56 10.22 [0.03 10.53 ]0.73 ]0.08

simulation | NMAE 0.10 10.30 0.27 0.82 10.94 [0.52 10.25 ]0.36 |0.58
n 3164 |309 |3251 1018 11014 (1012 | 1018 [1250 | 1456
RMSE 1.90 1.5 ]80.6 8.07 [0.15 10.04 |689 9.9 [0.53
PBIAS% 0.7 1.6 4.8 427 17.0 [0.90 |-14.3 |-17.7|-8.2
NSE 0.89 10.02 10.26 -0.07 |-0.16 [-0.4510.24 |0.11 |-0.9
Pearson’sr [0.94 [0.31 [0.61 0.49 10.27 [0.06 [0.75 10.69 [0.05
Calibration| NMAE 0.10 [0.31 ]0.26 1.08 10.91 [0.37 10.20 [0.34 |0.57
n 475 (47 1475 259 1259 [259 259 [268 |268
RMSE 1.87 (1.1 |84.7 9.27 10.18 [0.07 |119.0]19.5 [0.55
PBIAS% |8.7 19.4 |11.8 -13.7110.4 |68.3 |-6.1 |-29.6[-32.1
NSE 0.89 1-0.42]0.46 0.70 |-1.331-2.971-0.15 ]0.23 [-0.38
Pearson’st [0.97 ]0.46 [0.73 0.79 1-0.02 {0.09 ]-0.53 |0.59 ]0.06
Validation | NMAE 0.11 10.23 ]0.38 046 |1.25 (1.02 10.41 [0.39 |0.70
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Table S5. Paired t-test results comparing median summer stratified period (July 15-October 1)
hypolimnetic (9 m) concentrations in anoxic vs. oxic model scenarios for Falling Creek

Reservoir during the seven years of the study. The variables compared were total organic carbon

(TOC), dissolved organic carbon (DOC), total nitrogen (TN), dissolved inorganic nitrogen
(DIN), ammonium (NH4"), nitrate (NO3"), total phosphorus (TP), and dissolved reactive
hosphorus (DRP). df denotes degrees of freedom.

Variable t-value df p-value

TOC 14.72 6 p<0.0001
DOC 15.59 6 p<0.0001
TN 18.64 6 p<0.0001
DIN 18.5 6 p<0.0001
NH4* -9.31 6 p<0.0001
NOs- 9.39 6 p<0.0001
TP 16.61 6 p<0.0001
DRP 14.72 6 p<0.0001
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Table S6. Paired t-test results comparing median summer stratified period (July 15 - October 1)

total and dissolved molar ratios of hypolimnetic (9 m) carbon, nitrogen, and phosphorus
concentrations for Falling Creek Reservoir during the seven years of the study. The variables
compared included the ratios of total organic carbon to total nitrogen (TOC:TN), TOC to total
phosphorus (TOC:TP), dissolved organic carbon to dissolved inorganic nitrogen (DOC:DIN),
DOC to ammonium (DOC:NH4"), DOC to nitrate (DOC:NO3"), DOC to dissolved reactive

phosphorus (DOC:DRP), TN:TP, and DIN:DRP. df denotes degrees of freedom. Because NO3"

concentrations functionally went to zero during anoxia, DOC:NOj" could not be calculated and
hence there are no t-test results for this ratio.

Variable t-value df p-value
TOC: TN -11.02 6 p<0.0001
TOC:TP -2.03 6 0.09
DOC:DIN -8.14 6 0.0002
DOC:NH4* -7.78 6 0.0002
DOC:NO3-

DOC:DRP -7.11 6 0.0004
TN:TP 5.77 6 0.001
DIN:DRP 10.76 6 p<0.0001
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Table S7. Paired t-test results comparing median summer stratified period (July 15-October 1)

retention of carbon, nitrogen, and phosphorus entering into Falling Creek Reservoir in anoxic vs.

oxic model scenarios during the seven years of the study. The variables compared were total

organic carbon (TOC), dissolved organic carbon (DOC), total nitrogen (TN), dissolved inorganic
nitrogen (DIN), ammonium (NH4"), nitrate (NO3°), total phosphorus (TP), and dissolved reactive

hosphorus (DRP). df denotes degrees of freedom.

Variable t-value df p-value
TOC 11.56 6 p<0.0001
DOC 11.83 6 p<0.0001
TN 21.19 6 p<0.0001
DIN 8.74 6 0.0001
NH4* 6.5 6 0.0006
NOs- -4.78 6 0.003

TP 5.95 6 0.001
DRP 8.99 6 0.0001
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Table S8. Paired t-test results comparing annual sediment burial rates of particulate organic
carbon (POC), particulate organic nitrogen (PON), and particulate organic phosphorus (POP) in
Falling Creek Reservoir in anoxic vs. oxic model scenarios of the seven years of the study. df

denotes degrees of freedom.

Variable t-value df p-value
POC -1.98 5 0.10
PON -3.46 5 0.02
POP -1.06 5 0.34
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